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ABSTRACT
Climate warming in the North could lead to lichen decline within critical woodland caribou habitat. 
We used repeat measurements of sixty-nine plots over ten years (2007–2008 and 2017–2018) to 
assess lichen biomass changes under a warming climate along a latitudinal/climatic gradient in 
northwestern Canada. We compared lichen biomass on sensitive landscape features, including peat 
plateaux (permafrost-containing bogs), areas of permafrost thaw within the peat plateaux (collapse 
scars), and low-productivity upland forests occurring on mineral soils. Field-based measures of 
lichen cover and height were coupled with samples of lichen biomass to develop biomass predic-
tion equations. The optimal model incorporated both cover and height, with landscape feature as 
a covariate. Although height significantly improved the equation fit, models were successfully 
developed with cover alone. Modeled lichen biomass differed significantly between landscape 
features, declining from peat plateau (502 g m−2) to upland forest (54.0 g m−2) and collapse scar 
(0.690 g m−2) environments. In the absence of permafrost collapse at any monitoring location, 
lichen biomass declined significantly over the ten years for peat plateaux (−75.6 g m−2) and upland 
forests (−17.5 g m−2). These results will be important for quantifying landscape-level lichen biomass 
changes under climate warming in boreal and subarctic environments.
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Introduction

Climate change has been referred to as the defining issue of 
our time (National Academy of Sciences 2014; United 
Nations 2020). Arguably, nowhere is this more relevant 
than in northern regions, where increases in the global 
mean surface temperature since the late nineteenth century 
have been particularly pronounced (Intergovernmental 
Panel on Climate Change 2013). There is evidence that 
this rapid warming in the North is already affecting vegeta-
tion, with widespread greening of the Arctic attributed to 
increases in deciduous shrubs, along with increased height 
or abundance of other vascular plant layers (Sturm, Racine, 
and Tape 2001; Pouliot, Latifovic, and Olthof 2009; 
Elmendorf et al. 2012; Fraser et al. 2014). This increased 
vascular plant abundance has, in turn, been linked to 
declines in abundance and diversity of lichens 
(Cornelissen et al. 2001; Lang et al. 2012; Fraser et al. 
2014) with implications for wildlife. Monitoring vegetation 
changes in boreal and subarctic ecosystems, and how these 

vary in space and time, is critical for understanding the 
impact of climate change on these ecosystems and the 
species that depend upon them.

Lichens are an integral component of many circum-
boreal forest and tundra communities (Ahti and 
Oksanen 1990; Crittenden 2000) and have long been 
known as sensitive environmental indicators 
(Richardson 1975; Kauppi and Halonen 1992). Lichens 
occur at greatest abundance in dry or low-productivity 
habitats where there is limited competition from vascu-
lar plants (Beckingham and Archibald 1996; Keim et al. 
2017). They are ecologically important as pioneer spe-
cies in primary succession (Plitt 1927; Jun, Clément, and 
Rozé 2004; Nascimbene et al. 2017), and within the 
boreal and subarctic forests of North America, lichens 
are commonly associated with mature jack pine (Pinus 
banksiana) or black spruce (Picea mariana) forests, as 
well as peatlands with dry, raised surfaces (Johnson 
1981; Morneau and Payette 1989; Ahti and Oksanen 
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1990; Bradshaw et al. 1995; Harris et al. 2018). More 
sparse forest canopies in northern regions (Lesmerises, 
Ouellet, and St-Laurent 2011; Loranty et al. 2018) and 
surficially dry, open-canopied forests (Keim et al. 2017) 
are commonly associated with high ground lichen cover. 
In northern regions, permafrost-containing bogs, 
known as peat plateaux, are nutrient-poor environ-
ments, with open forest canopies that commonly have 
ground layers dominated by terrestrial lichens (Zoltai 
1993; Piercey-Normore 2010). Terrestrial lichens con-
tribute up to 83 percent of the winter diet (Thomas, 
Edmonds, and Brown 1996; Thompson et al. 2015) of 
the boreal woodland caribou (Rangifer tarandus cari-
bou), which is listed as threatened under the Species at 
Risk Acts of Canada and the Northwest Territories 
(NWT; Environment Canada 2012; Conference of 
Management Authorities 2017). The level of habitat 
disturbance has been identified as the primary factor 
affecting the sustainability of a boreal woodland caribou 
population (Environment Canada 2012); thus, the effect 
of climate change on lichen biomass is clearly an impor-
tant factor in the management of caribou populations.

Quantifying changes in lichen forage due to climate 
warming requires accurate repeated measurements of 
ground lichen biomass. Because the destructive sampling 
used to measure lichen biomass is labor intensive, many 
previous studies have focused on predicting lichen bio-
mass from a combination of cover, height, and/or volume 
of the lichen layer (Arseneault et al. 1997; Kumpula, 
Colpaert, and Nieminen 2000; Dunford et al. 2006; 
Moen, Danell, and Holt 2007; McMullin et al. 2011; 
Rosso et al. 2014; Greuel et al. 2021). However, lack of 
consistent methods and the use of various equation forms 
have resulted in no standard model for estimating lichen 
biomass across a range of species or habitats. A widely 
applicable relationship allowing for the estimation of 
lichen biomass from simple field measurements would 
be extraordinarily useful for wildlife biologists and land 
managers. A recent study (Greuel et al. 2021) has begun to 
explore lichen biomass relationships across a climatic 
gradient from northern Saskatchewan to central NWT. 
Relationships between lichen volume and biomass did not 
vary substantially by forest type or ecoprovince when 
species were pooled; however, when groups of similar 
species were considered separately, there were indications 
that relationships may vary by ecoprovince (Greuel et al. 
2021). Thus, greater variability is expected in predictive 
relationships developed across a wide range of species, 
vegetation types, and ecoclimatic gradients.

Despite substantial evidence for the impact of climate 
change on arctic vegetation, plot-based vegetation mon-
itoring studies have yielded disparate functional group 
responses; for example, arctic tundra vegetation most 

commonly displayed stable trends over a median period 
of twenty years (Bjorkman et al. 2020). Vegetation 
responses to changing climate are not uniform, being 
dependant on climatic, edaphic, and ecosystem factors. 
In the Arctic, vegetation changes are more evident in the 
less harsh climates of the low to mid-Arctic and responses 
differ along gradients in soil moisture and permafrost 
conditions (Cornelissen et al. 2001; Elmendorf et al. 
2012; Bjorkman et al. 2018). The responses of boreal 
and subarctic forest and peatland ecosystems are further 
complicated by the strong influence of long-term auto-
genic processes; these systems have considerable ecologic 
inertia, which, in the absence of disturbance, is likely to 
result in lagged responses to changing climate conditions 
(Camill and Clark 2000; Vanderwel and Purves 2014). An 
example of this concept was outlined by Shur and 
Jorgenson (2007), who described “ecosystem-driven” 
and “ecosystem-protected” permafrost systems where 
internal, autogenic processes (such as the development 
of insulating soil and vegetation layers) may dominate, or 
at least strongly modify, the influence of external, allo-
genic climatic factors.

In discontinuous permafrost environments of the boreal 
and subarctic forests, the effects of warming climate are 
commonly mediated through changes to the underlying 
permafrost conditions, which may affect the physical soil 
structure as well as both local and regional hydrology 
(Robinson 2002; Quinton, Hayashi, and Chasmer 2011; 
Quinton and Baltzer 2013). Ice-rich permafrost environ-
ments are most vulnerable to destabilization upon thaw, 
and in the Mackenzie Valley of northwestern Canada, 
much of the permafrost occurs as ice-rich peat plateaux 
(permafrost-containing peatlands). Permafrost thaw within 
peat plateaux results in the physical collapse of the ground 
surface, causing a dramatic change to the local environment 
with a transition from lichen-dominated ground vegetation 
to very wet, moss- and sedge-dominated collapse scar fea-
tures (Zoltai 1993; Vitt, Halsey, and Zoltai 1994; Robinson 
and Moore 2000). This dramatic response to warming 
climates is particularly relevant in the Mackenzie Valley of 
the NWT, which is not only predicted to be one of the 
regions exhibiting the greatest temperature increases in 
Canada (Plummer et al. 2006; Price et al. 2011) but, due 
to the presence of large areas of ice-rich permafrost, is also 
a region where the consequences of this warming may be 
most dramatically evident (Kettles and Tarnocai 1999; 
Tarnocai 2006) and will directly affect the abundance of 
lichen across the landscape.

At present, the direct impacts of climate change on 
boreal woodland caribou habitat are poorly understood, 
and the proposed action plan for woodland caribou 
recovery in Canada specifically identifies the need for 
research on the predicted impacts of climate change on 
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critical habitat (Environment and Climate Change 
Canada 2017). The research presented herein specifically 
targeted sensitive landscape features, such as low- 
productivity black spruce forests and lichen-rich peat 
plateaux. These landscape features incorporate biophy-
sical attributes identified for all types of critical habitat 
(broad scale, calving, post-calving, rutting, winter) 
within the Taiga Plains Ecozone and form the basis of 
the NT1 Boreal Woodland Caribou Range in the NWT 
(Environment Canada 2012). The most northerly, 
and second largest, woodland caribou population in 
Canada resides within the NT1 range that has some of 
the lowest levels of anthropogenic disturbance 
(Environment Canada 2012) but lies within one of the 
areas most sensitive to climate warming in Canada 
(Kettles and Tarnocai 1999; Tarnocai 2006). The range 
of climate and permafrost conditions across this land-
scape, which is sensitive to climate disturbances, makes 
it an ideal location to study climate change impacts on 
caribou habitat, particularly with respect to changing 
lichen biomass across the landscape.

Our overarching goals were to quantify lichen biomass 
variation along a North–South gradient for upland forest 
and peatland environments of the Mackenzie Valley, 
northwestern Canada, and to determine whether lichen 
biomass has changed over ten years of warming climate 
conditions. To achieve this, we first developed a predictive 
model to estimate lichen biomass using in-plot measure-
ments of lichen cover and the height of the lichen layer.

We hypothesized that (1) we can predict lichen bio-
mass using lichen cover and can improve the prediction 
ability by incorporating either the height of the lichen 
layer or by using genus-specific cover-biomass relation-
ships; (2) these predictive relationships for lichen bio-
mass vary by topographic feature along a latitudinal/ 
climatic gradient as expressed through ecoclimatic 
region or permafrost zone; (3) estimated lichen biomass 
is greatest in peat plateau environments and lowest in 
collapse scar environments; in peat plateau and upland 
forest environments, lichen biomass is greater in the 
northern portions of the Mackenzie Valley because of 
more open forest canopies; and (4) in the absence of 
dramatic permafrost thaw, lichen biomass did not 
change significantly over the last ten years in undis-
turbed forest and peatland environments of the 
Mackenzie Valley of the NWT.

Materials and methods

Study area and plot network

Our research utilizes a network of twenty-five sites, 
comprising sixty-nine plots, within the Mackenzie 

Valley region of Canada’s NWT (Figure 1). The 
Mackenzie Valley Permanent Monitoring Plot Network 
lies almost entirely within the Taiga Plains Ecozone 
(Ecological Stratification Working Group 1996) and 
spans a climatic gradient from −8.8°C to −2.9°C in 
mean annual temperature and from 248.4 mm to 
369.0 mm in mean annual precipitation (Environment 
Canada 2002; Errington, Bhatti, and Li 2018). This cli-
matic gradient is reflected in three permafrost zones and 
four ecoclimatic regions (level III ecoregions of the 
Ecosystem Classification Group 2007, 2008; Figure 1). 
Indicative of the amount of ground surface underlain by 
permafrost, network sites extend, south to north, from 
the sporadic discontinuous through to the extensive 
discontinuous and continuous permafrost zones, where 
permafrost underlies 10 to 50 percent, 50 to 90 percent, 
and 90 to 100 percent of the terrain, respectively 
(Heginbottom, Dubreuil, and Parker 1995). Reflecting 
the climatic variation and its impact on regional vegeta-
tion, ecoclimatic regions of the plot network encompass 
mid-boreal, high boreal, low subarctic, and high subarc-
tic environments (Figure 1).

Because regional climatic gradients are modified by 
the influence of local factors on vegetation structure and 
permafrost conditions, plots at each network site were 
situated along a local topographic gradient (Figure 2). 
Plots at each site were located in peat plateau, collapse 
scar, and nearby upland forest environments that were 
selected to be free of recent disturbance and having 
mature forest canopies, when treed. Tree ages (mean ± 
standard error [SE], maximum; based on cores at 1.3 m 
height) were as follows: peat plateau = 92 ± 4 years, 
151 years; upland forest 129 ± 10 years, 241 years (for 
detailed stand characteristics, see Errington, Bhatti, and 
Li 2020). The six most northern sites lacked plots repre-
senting collapse scar environments because climatic lim-
itations in the high subarctic continuous permafrost 
zone prevent the formation of comparable collapse fea-
tures on the landscape.

Sample collection and processing

With few modifications, generally due to spatial con-
straints of collapse scar features, each plot was laid out as 
a 20 × 20 m square with understory vegetation recorded 
in eight 1 × 1 m subplots systematically oriented within 
the larger plot area (Errington, Bhatti, and Li 2018; 
Figure 3). Plots were established in the summers of 
2007 and 2008 with repeated measurements conducted 
ten years later, in 2017 and 2018. Although sites are 
located within a region of rapidly warming climate con-
ditions and widespread thermokarst within peat plateau 
environments (Gibson et al. 2021), permafrost was 
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detected at all peat plateau subplots at both measure-
ment times. At both sampling times, within the vegeta-
tion subplots, all ground lichens were identified to 
species level and cover was visually estimated to the 
nearest percent with cover values of 0.5 percent and ‘+’ 
(present but at lower than 0.5 percent cover) also 

recorded. For quantitative analysis, ‘+’ was interpreted 
as a cover value of 0.05 percent. Although it is recog-
nized that it is not possible to achieve percent-level 
accuracy by eye and that at best these percentages can 
be thought of as ±5 to 10 percent (Milberg et al. 2008; 
Vittoz et al. 2010), recording values to the 

Figure 1. Site locations of the Mackenzie Valley Permanent Monitoring Plot Network with respect to permafrost zones (Heginbottom, 
Dubreuil, and Parker 1995) and level II ecoregions (Ecosystem Classification Group 2007, 2008, 2010) in the Northwest Territories, Canada.

Figure 2. Sample site layout encompassing upland forest, peat plateau, and collapse scar environments along a topographic gradient. 
Soils and active layer depths vary along this gradient, with a transition from mineral (white) soils in the upland to organic (gray) soils in the 
peat plateau and collapse scar. The shallowest active layer depths are found in the peat plateaux, with permafrost (hatched) absent from 
collapse scars and may or may not be present at depth in upland forests. Figure has been adapted from Errington, Bhatti, and Li (2018).
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nearest percent prevents further errors inherent in gen-
eralization to categories (Vittoz and Guisan 2007). 
A single, well-experienced, observer (Errington) con-
ducted all estimates of percent cover, in all four field 
seasons, in order to maximize estimation consistency 
within the data set (Vittoz and Guisan 2007). Though 
lichen species were largely identified in the field, because 
some species can be difficult to identify without chemi-
cal analysis, unknown species and reference specimens 
were collected and identified in the laboratory.

In order to estimate lichen biomass within the perma-
nent monitoring plots, in-plot measurements (2007–2008 
and 2017–2018) were coupled with destructive sampling 
outside of the plot boundaries (2007–2008). Each vegeta-
tion subplot was divided into a 25 × 25 cm grid and lichen 
canopy height was measured at the center point of all 
sixteen grid squares (Figure 3). In areas of sparse lichen 
coverage, the height of the closest piece of lichen to each 
center point was recorded, with no measurement col-
lected if no lichen was present in the grid square. This 
differs from several other studies using height to predict 
lichen biomass, where height was recorded at a fixed 
point and zero values were recorded if no lichen was 
present (Moen, Danell, and Holt 2007; Rosso et al. 
2014). The use of zero values to represent absence results 
in a height variable that incorporates cover (Moen, 
Danell, and Holt 2007), whereas our method provides 
a more independent estimate of height. Because height 
measurements were systematically located within sub-
plots, they characterized the overall height of lichen 
within the subplot but were not species specific.

Destructive sampling for lichen biomass was con-
ducted within four 25 × 25 cm lichen clip plots located 
outside of each 20 × 20 m permanent plot (Figure 3). 
These were placed using a stratified random approach to 
ensure that a full range of lichen cover was sampled, 
with each clip plot randomly placed in an area with one 
of four lichen percent cover classes (<25 percent, 25– 
49 percent, 50–75 percent, >75 percent). This design 
ensured that the regression equations were developed 
based on a wide range of lichen covers, making them 
more broadly useful and avoiding the common bias of 
focusing sampling on areas with high lichen cover. 
However, for plots with low lichen abundance, it was 
occasionally only possible to locate clip plots represen-
tative of the lower cover classes. Within each clip plot, 
lichen canopy height was measured in the center of each 
of four quadrants, as with the vegetation subplot grids 
(Figure 3). For each lichen clip plot, percent cover was 
also estimated for the following common species/ 
groups: Cladonia uncialis, Cladonia (other) spp., 
Cladina mitis, Cladina rangiferinia, Cladina stygia, 
Cladina stellaris, Flavocetraria nivalis, Flavocetraria 
cucullata, Cetraria spp., Peltigera spp., and “other.” 
Current taxonomy incorporates the Cladina spp. as 
a subgenus within Cladonia (Ahti and DePriest 2001; 
Esslinger 2019), but because of clear morphological dis-
tinctions between the species groups, we follow the older 
distinction of Cladina (the classic “reindeer lichen” spe-
cies) as a separate genus (Ahti 1984) for the purpose of 
this analysis. Following height measurements and cover 
estimation, all living lichen within the clip plot frame 

Figure 3. Plot-level layout and sampling design, showing the eight 1 × 1 m vegetation quadrats within the larger 20 × 20 m permanent 
monitoring plot (PMP) and the four 0.25 × 0.25 m clip plots located outside the PMP boundaries. Quadrats were located in PMP corners 
and at the midpoints between the corners and the plot center (PC). Clip plots were located according to a stratified random design 
with respect to four classes of total lichen cover (<25 percent, 25–49 percent, 50–75 percent, >75 percent). Hollow circles in the 
expanded inset diagrams indicate the locations of lichen height measurements.
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were pulled from the underlying soil, collected in paper 
bags, and kept in a dry, well-aerated location and 
encouraged to air-dry during transport to the labora-
tory. In the laboratory, lichen samples were misted with 
water to facilitate handling without breakage and were 
then cleaned of non-lichen debris and dead lichen frag-
ments (fragments and portions of thallus that lacked 
structural integrity), sorted by genus, and dried at 
60°C ± 5°C to a stable weight to determine the biomass. 
Although cover was recorded to the species level for 
several common species, clip plot samples were only 
sorted to genus (Allectoria, Cetraria, Cladina, 
Cladonia, Flavocetraria, Nephroma, Peltigera, and 
Stereocaulon) to maintain reasonable sample sizes and 
to allow for a less specialized classification that would be 
more widely useable in the future.

Statistical methods

As the first step of our analyses, we used clip plot data to 
develop a series of lichen biomass models. The best 
possible model of lichen biomass was then applied to 
data from the permanent monitoring plot network vege-
tation subplots to examine variation in biomass along 
ecoclimatic and topographic gradients and change over 
the ten-year period. The process of building a series of 
predictive models of lichen biomass using the clip plot 
data involved five sets of models, based on two related 
data sets.

Model sets 1 and 2: cover and height models

The first two sets of models utilized the total clip plot 
data set, which included total lichen biomass, total 
lichen cover (all species values summed), and height 
from each clip plot. For the first set of models, lichen 
biomass was the dependent variable, lichen cover was 
the predictor variable, and plot type (peat plateau, 
upland forest, collapse scar), ecoclimatic region, and 
permafrost zone were considered as possible covariates. 
The second set of models elaborated on these by includ-
ing height as an additional predictor variable. Percent 
cover was used as the predictor variable in the first set of 
models because it was thought to be the most common 
variable recorded in other vegetation studies and would 
be most conducive to scaling up using remote sensing 
procedures (e.g., Arseneault et al. 1997; Nelson et al. 
2013). We chose height of the lichen layer as an addi-
tional possible predictor variable because it has been 
established as another important predictor of lichen 
biomass (Kumpula, Colpaert, and Nieminen 2000; 
Moen, Danell, and Holt 2007; Rosso et al. 2014). For 
these two sets of models, the sample size was 200; 

however, because samples were not entirely indepen-
dent, we included plot as a random term to account 
for clip plots nested within plots.

Model sets 3 and 4: cover and genus models

The third and fourth (and fifth) sets of models uti-
lized the genus clip plot data set, which included 
lichen biomass and lichen cover for each genus sepa-
rately within each clip plot. Because height was mea-
sured at the clip plot level and was not associated 
with particular lichen genera, this data set did not 
include height and our data structure did not allow 
for direct comparison of height versus genus as pre-
dictor variables. In the third set of models, the 
dependent variable was lichen biomass (measured 
separately by genus) and lichen cover (estimated 
separately for each genus) was the predictor variable. 
As above, plot type (peat plateau, upland forest, col-
lapse scar), ecoclimatic region, and permafrost zone 
were considered as possible covariates. The fourth set 
of models elaborated on these by including genus as 
an additional predictor variable. Because these mod-
els included estimates of cover and measures of bio-
mass separately by genus in each clip plot, a given 
clip plot might appear more than once in the data set 
(once for each genus); thus, the sample size for the 
data set was 483. Again, these samples were not 
independent and we, therefore, included clip plot 
nested within plot as a random term, accounting 
for samples doubly nested within clip plots and 
then within plots.

Model set 5: individual genus models

In the fifth set of models, which was intended as 
a complement to the fourth set of models, separate 
models were developed for each of the four most com-
mon lichen genera in our data set (Cladina, Cladonia, 
Flavocetraria, and Peltigera). Because each genus was 
modeled separately, this allowed for more flexibility, in 
terms of model form, between genera. Using the same 
data set as for the third and fourth sets of models, the 
dependent variable was lichen biomass (for a given 
genus) and lichen cover (for that genus) was the pre-
dictor variable. As above, plot type (peat plateau, upland 
forest, collapse scar), ecoclimatic region, and permafrost 
zone were considered as possible covariates. Because 
separate models were developed for each genus, 
a given clip plot would appear only once in the data set 
for each model. We thus included plot as a random 
term, to account for the clip plot samples nested within 
the plots.
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Model development and selection

A mixed modeling approach using the nlme package 
(Pinheiro et al. 2021) in R (R Core Team 2019) was 
used to develop all lichen biomass models. Fixed and 
random factors were included as identified above. 
Incorporation of site as a random, blocking, factor did 
not improve the model structure (assessed using the 
Akaike information criterion [AIC]; Zuur et al. 2009) 
and was therefore not included. For a given set of mod-
els, we began with four models: the base model (just the 
predictor(s)), one including the predictor(s) and the 
climatic covariates (ecoclimatic region, permafrost 
zone), one including the predictor(s) and the topo-
graphic covariate (plot type), and a full model with all 
predictor(s) and covariates. In each case, interactions 
were included between all continuous variables (cover 
and height) and between all continuous and categorical 
variables (ecoclimatic region, permafrost zone, topo-
graphic feature, and genus). Backwards selection, using 
likelihood ratio tests (α = 0.05), was then used to deter-
mine the most parsimonious structure for each of these 
four models (Zuur et al. 2009). AIC was used to compare 
among the four reduced models to determine the best 
model in a given set. For all models within a given set 
where ΔAIC relative to the minimum AIC of models 
within that set was less than two (Burnham and 
Anderson 2004), the most parsimonious model was 
determined as the best model within that set. Finally, 
the AIC and, where possible, likelihood ratio tests 
(LRTs; α = 0.05) were used to compare the reduced 
models of set 1 to those of set 2 and the reduced models 
of set 3 to those of set 4 to determine whether the 
addition of height or genus improved the model. Once 
this model-building exercise was complete, the best 
model was then used to predict lichen biomass within 
the permanent monitoring plots for both the 2007–2008 
and 2017–2018 measurement periods. Lichen biomass 
was predicted at the subplot level and then averaged to 
the plot level for analyses.

Biomass comparison

A two-way analysis of variance (ANOVA) was used to 
test for plot-level differences in lichen biomass between 
permafrost zones and topographic features in 2007– 
2008. Subsequently, biomass change was calculated as 
the difference between the 2017–2018 and 2007–2008 
data sets at the plot level, and a two-way ANOVA was 
used to determine whether these biomass changes varied 
by permafrost zone or topographic feature. Significant 
increases or decreases in lichen biomass over the ten- 
year period were detected when 95 percent confidence 

intervals for the change in biomass excluded zero. When 
there was a significant interaction detected in the 
ANOVA, Tukey’s post hoc tests were used to compare 
all combinations of permafrost zone and topographic 
feature. Natural log transformations of lichen biomass 
and variance weighting (Zuur et al. 2009) by topo-
graphic plot type (ten-year change) or topographic plot 
type × permafrost zone (2007–2008 analysis) were used 
to meet assumptions of normality and equal variances. 
Least squares means, standard errors, and Tukey’s post 
hoc comparisons were generated using the emmeans 
package (Lenth 2019) with ANOVAs calculated from 
gls models within the nlme package, using the Anova 
function from the CAR package (Fox and Weisberg 
2019). The Anova function in the CAR package uses 
Type II sum of squares to conduct marginal, nonsequen-
tial testing (Fox and Weisberg 2011). For clarity of pre-
sentation, least squares means, standard errors, and 
associated 95 percent confidence intervals were back- 
transformed to the original biomass units of grams per 
square meter.

Results

Biomass prediction

Linear regressions between the natural log of lichen 
cover and the natural log of biomass demonstrated 
good fits, with reasonably high marginal R2 values for 
both the overall (model 4; mR2 = 0.72; model sets 1 
and 2) and genus-level (model 12; mR2 = 0.78; model 
sets 3 and 4) data sets (Tables 1 and 2). However, in 
both cases the models were significantly improved 
through the addition of either height (LRT; model 4 
vs. 8; p < 0.001; model sets 1 and 2) or genus (LRT; 
model 12 vs. 16; p < 0.001; model sets 3 and 4). 
Although the backwards selection procedure did find 
that both covariates contributed significantly to mod-
els in which they were tested, the range in AIC values 
between full, reduced, and base models was negligible 
when both cover and height (Table 1, Appendix I; 
AIC difference range = 3) were incorporated in the 
base model (set 2). For model sets in which cover was 
the only predictor (sets 1 and 3) or that had both 
cover and genus (set 4), the AIC range was slightly 
greater (AIC difference range = 8–9), but in all three 
instances the base model did not have the lowest AIC. 
In all instances, the incorporation of plot type into the 
model improved the model more than adding either 
ecoclimatic region or permafrost zone (Tables 1 and 2, 
Appendixes I and II). For the subsequent purpose of 
biomass prediction, we used model 6 for plots where 
both cover and height of lichen were available and 
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model 2 for the few instances where height data were 
missing (Figure 4). These models were selected as 
best within model set 2 and model set 1, respectively, 
being the most parsimonious model with an AIC 
within 2 of the lowest AIC of the relevant model 
set (Table 1, Appendix I). The best model for bio-
mass prediction when cover data are available by 
genus (model 14, Table 2) is shown in Appendix III 
(Figure A1).

Separate genus-level models also demonstrated 
significant relationships between the natural log of 
lichen cover and the natural log of biomass, with 
less consistent significance detected for the topo-
graphic plot type and climatic covariates. Backward 
selection procedures, coupled with the comparison 
of AIC values, indicated that the best lichen biomass 
models for individual genera displayed strong rela-
tionships for Cladina, Flavocetraria, and Peltigera, 
with a weaker relationship found for Cladonia 
(Table 3, Appendix IV).

Lichen biomass in the Mackenzie Valley

The significant interaction (Table 4) between permafrost 
zone and topographic plot type for lichen biomass in 
2007–2008 was largely due to differences within the 
upland forests and peat plateaux. Lichen biomass, as 
estimated using models 2 and 6, was highest in peat 
plateaux (mean = 502 g m−2, 95 percent confidence inter-
val [CI] [435–577]), lowest in collapse scars 
(mean = 0.69 g m−2, 95 percent CI [−0.01–1.89]), and 
intermediate in the upland forests (mean = 54.0 g m−2, 
95 percent CI [31.0–93.6]). Within each topographic fea-
ture there were no differences between the three perma-
frost zones. However, the slightly greater biomass in 
upland forests of the continuous permafrost zone 
(mean = 129 g m−2, 95 percent CI [56.8–290]) did not 
significantly differ from that of the peat plateaux in either 
the continuous (mean = 453 g m−2, 95 percent CI [366– 
562]) or sporadic discontinuous (mean = 519 g m−2, 
95 percent CI [376–716]) permafrost zones (Figure 5).

Table 1. Models predicting lichen biomass as developed using various combinations of cover and height of the lichen layer, along with 
topographic plot type (type: peat plateau, collapse scar, upland forest) and the regional variables of permafrost zone (pfzone) and 
ecoclimatic region (eco).

Model (fixed) AIC ΔAIC wiAIC RMSE mR2

Cover only (model set 1)
(1) ln(biomass) = α + β1 ln(cover) + β2 pfzone + β3 type + β4 ln(cover) × pfzone 329 5 0.068 0.423 0.765
(2) ln(biomass) = α + β1 ln(cover) + β2 type 324 0 0.878 0.440 0.753
(3) ln(biomass) = α + β1 ln(cover) + β2 pfzone + β3 ln(cover) × pfzone 332 8 0.015 0.417 0.741
(4) ln(biomass) = α + β1 ln(cover) 330 6 0.039 0.433 0.720

Cover and height (model set 2)
(5) ln(biomass) = α + β1 ln(cover) + β2 ln(height) + β3 pfzone + β4 type + β5 ln(cover) × pfzone 296 0 0.415 0.374 0.802
(6) ln(biomass) = α + β1 ln(cover) + β2 ln(height) + β3 type 297 1 0.300 0.385 0.781
(7) ln(biomass) = α + β1 ln(cover) + β2 ln(height) + β3 eco 298 2 0.174 0.379 0.781
(8) ln(biomass) = α + β1 ln(cover) + β2 ln(height) 299 3 0.111 0.379 0.757

Notes. Models shown result from backwards selection of predetermined sets of fixed factors with all models incorporating plot as a random factor. The ΔAIC is 
calculated relative to the model in each set with the lowest AIC (model 2 in set 1; model 5 in set 2). As with ΔAIC, Akaike model weights (wiAIC) are calculated 
relative to other models within the set (model set 1 or set 2). Marginal coefficients of determination (mR2) are provided to indicate the percentage of variance 
explained by the fixed factors of each model relative to a null model containing only random factors (Nagelkerke 1991). Fitted coefficients for all models can 
be found in Appendix I. Bold indicates the best model within a set, as was subsequently used for lichen prediction.

Table 2. Models predicting lichen biomass as developed using various combinations of cover and genus, along with topographic plot 
type (type: peat plateau, collapse scar, upland forest), as well as the regional variables of permafrost zone (pfzone) and ecoclimatic 
region (eco).

Model (fixed) AIC ΔAIC wiAIC RMSE mR2

Cover only (model set 3)
(9) ln(biomass) = α + β1 ln(cover) + β2 pfzone + β3 type 1,250 1 0.390 0.847 0.789
(10) ln(biomass) = α + β1 ln(cover) + β2 type 1,249 0 0.558 0.843 0.785
(11) ln(biomass) = α + β1 ln(cover) + β2 pfzone 1,254 5 0.042 0.843 0.783
(12) ln(biomass) = α + β1 ln(cover) 1,257 8 0.010 0.836 0.777
Cover and genus (model set 4)
(13) ln(biomass) = α + β1 ln(cover) + β2 genus + β3 pfzone + β4 type + β5 ln(cover) × pfzone 1,223 4 0.122 0.797 0.811
(14) ln(biomass) = α + β1 ln(cover) + β2 genus + β3 type 1,219 0 0.854 0.793 0.804
(15) ln(biomass) = α + β1 ln(cover) + β2 genus + β3 pfzone + β4 ln(cover) × pfzone 1,228 9 0.008 0.787 0.805
(16) ln(biomass) = α + β1 ln(cover) + β2 genus 1,227 8 0.016 0.784 0.796

Notes. Models shown result from backwards selection of predetermined sets of fixed factors with all models incorporating clip plot nested within plot as 
a random factor. The ΔAIC is calculated relative to the model in each set with the lowest AIC (model 10 in set 3; model 14 in set 4). As with ΔAIC, Akaike model 
weights (wiAIC) are calculated relative to other models within the set (model set 3 or set 4). Marginal coefficients of determination (mR2) are provided to 
indicate the percentage of variance explained by the fixed factors of each model relative to a null model containing only random factors (Nagelkerke 1991). 
Fitted coefficients for all models can be found in Appendix II.
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Ten-year biomass changes

Over the ten years from 2007–2008 to 2017–2018, 
lichen biomass significantly declined in both peat pla-
teaux (−75.6 ± 25.5 g m−2; mean ± SE) and upland 
forests (−17.5 ± 6.3 g m−2), with a slight increase seen 
in collapse scars that was not significantly different 

from zero (10.5 ± 5.9 g m−2; Figure 6). These reflect 
declines of 15 percent and 32 percent for peat plateaux 
and upland forests, respectively. This biomass change 
did not vary by permafrost zone, and no interaction 
was found between topographic plot type and perma-
frost zone (Table 4).
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Figure 4. Models used to predict lichen biomass within the Mackenzie Valley Permanent Monitoring Plot Network. Model 6 (Table 1) is 
shown as two components: (a) holding the lichen height constant (at the overall mean) and (b) holding the lichen cover constant (at 
the overall mean). Model 2 (Table 1) is depicted in (c). Topographic plot types are shown for all models as collapse scars (solid line, 
hollow triangles), peat plateaux (dashed line, gray squares), and upland forests (doubly dashed line, black diamonds). Both models 
were developed with ln-transformed data but have been back-transformed to original units for ease of interpretation.

Table 3. Models predicting lichen biomass for several common genera, using cover as the only predictive variable.
Model (fixed) Genus N RMSE mR2

(17) ln(biomass) = α + β1 ln(cover) + β2 type Cladina 180 0.536 0.851
(18) ln(biomass) = α + β1 ln(cover) + β2 eco Cladonia 150 0.964 0.430
(19) ln(biomass) = α + β1 ln(cover) Flavocetraria 90 0.590 0.815
(20) ln(biomass) = α + β1 ln(cover) Peltigera 46 0.663 0.773

Notes. Sample size (N) varies for each model and reflects the model within each genus having the lowest AIC, as was determined from a backwards selection 
procedure that began with cover, plot type (type: peat plateau, collapse scar, upland forest), as well as the regional variables of permafrost zone (pfzone) and 
ecoclimatic region (eco), along with their interactions with cover. Marginal coefficients of determination (mR2) are provided to indicate the percentage of 
variance explained by the fixed factors of each model relative to a null model containing only random factors (Nagelkerke 1991). Fitted coefficients for all 
models can be found in Appendix IV.
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Discussion

As hypothesized, lichen biomass was successfully pre-
dicted using cover of the lichen layer, and those predic-
tions were significantly improved through inclusion of 
height or genus. For individual genera, best relationships 
were achieved with Cladina, Flavocetraria, and Peltigera. 
These relationships varied only slightly according to 
topographical or climatic gradients, particularly when 
both cover and height were included in the model; this 
indicates the widespread utility of these basic models. As 
anticipated, lichen biomass was greatest in the peat 
plateaux, lowest in the collapse scars, and intermediate 
in the upland forests. There was less variation than 
expected along latitudinal gradients, with no plot types 
differing significantly by permafrost zone. Despite the 
relatively short (ten-year) time period between sampling 
events, we did find significant declines in lichen biomass 
for both upland forest and peat plateau environments.

Lichen biomass models

One of the aims of developing these models was to 
provide more broadly applicable relationships than 
have been previously published. We believe the equa-
tions developed here to be an improvement over many 
others in the literature because these models reflect 
relationships developed over a large geographic area, 
across multiple habitat types, and incorporate a range 
of lichen species and genera. In particular, these models 
were developed to ensure that different allometric rela-
tionships were considered for the dramatically modified 
conditions occurring upon permafrost thaw within peat 
plateaux, a critical habitat type for boreal woodland 
caribou. We also believe that the suite of models devel-
oped provides valuable insights with respect to the rela-
tive usefulness of both lichen cover and lichen height as 
predictors of lichen biomass.

We found cover to be fundamental to the prediction 
of lichen biomass and the addition of height to improve 
this relationship. This is generally in agreement with the 
literature, in which multiple studies have successfully 
predicted lichen biomass using only cover (Dunford 
et al. 2006; McMullin et al. 2011) or using 
a combination of height and cover (Kumpula, 
Colpaert, and Nieminen 2000; Moen, Danell, and Holt 
2007; Odland et al. 2014; Rosso et al. 2014; Greuel et al. 
2021). In particular, Greuel et al. (2021) and Rosso et al. 
(2014) found the use of both height and cover to be 
a better predictor of lichen biomass than cover alone. 
However, different results have been obtained by several 
investigators due to different methodologies and site 

Figure 6. Change in lichen biomass from 2007–2008 to 2017– 
2018 for three topographic plot types (peat plateau, upland 
forest, and collapse scar). Values represent least squares means 
and error bars depict 95 percent confidence intervals. Bars with 
different letters had significantly different means.

Table 4. ANOVA results (p value) for estimated lichen biomass in 
2007–2008 and change in lichen biomass over the ten-year 
period.

2007–2008 
Lichen biomassa

Ten-year change in 
lichen biomass

Permafrost zone 0.785 0.923
Type <0.001 <0.001
Permafrost zone × Type 0.015 0.452

Notes. Type (plot type) incorporates three levels (peat plateau, collapse scar, 
upland forest), as does permafrost zone (continuous, extensive discontin-
uous, sporadic discontinuous). 

aAs tested on ln(biomass + 1)

Figure 5. Lichen biomass in 2007–2008 modeled for the three 
topographic plot types (collapse scar, upland forest, and peat 
plateau) within the three permafrost zones: continuous (black), 
extensive discontinuous (light gray), and sporadic discontinuous 
(dark gray). Values represent least squares means with bars 
indicating standard error. Letters denote statistically significant 
groupings among means.
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conditions. For example, Rosso et al. (2014) found cover 
to be a worse predictor than height. Given that Rosso 
et al. (2014) only incorporated areas of continuous 
(averaging ~80 percent) lichen cover, much of the var-
iation due to cover was already eliminated from the data 
set. Additionally, the method used by Rosso et al. (2014) 
to measure lichen height allowed for a value of zero to be 
recorded when lichen was absent at a measurement 
point, thus incorporating an aspect of lichen cover into 
the height metric (Rosso et al. 2014). Odland et al. (2014) 
also found cover alone to be a poor predictor of lichen 
biomass, largely due to the nonlinear relationship, 
instead preferring to use the more linear relationships 
of biomass with volume or height alone. Some sites in 
that study were affected by heavy reindeer grazing, and 
the authors mentioned that relationships of biomass 
with cover were particularly poor in these areas where 
high cover values were commonly associated with low 
lichen heights (Odland et al. 2014). In contrast, Dunford 
et al. (2006) and McMullin et al. (2011) were able to 
successfully model lichen biomass from cover alone in 
treed bogs of Alberta and coniferous forests of Ontario, 
respectively, where caribou grazing pressure is low. We 
feel that our independent estimation of cover and 
height, coupled with the broad range of cover values 
used within the mixed species communities represented 
in our data set, resulted in more robust relationships that 
could be widely applicable across boreal and subarctic 
forest and peatland environments.

In this study, despite sampling 200 clip plots across 
three distinct vegetative communities (upland forests, 
peat plateaux, and collapse scars), for an ecoclimatic 
gradient from mid-boreal through to high subarctic, 
and representing three of the four possible permafrost 
zones, we only had sufficient data to develop genus- 
specific models for four genera: Cladina, Cladonia, 
Flavocetraria, and Peltigera. The optimal model varied 
by both genus and topographic plot type but not by 
ecoclimatic or permafrost gradients. Only when 
Cladonia species were considered alone was ecoclimatic 
region a significant predictor. This is consistent with 
Greuel et al. (2021), who did find an interaction between 
ecoprovince and lichen area or volume for some Cladina 
and Cladonia species groups but not when all species 
were combined. Although Cladina and Cladonia species 
are those most commonly included in studies modeling 
lichen biomass (Kumpula, Colpaert, and Nieminen 
2000; Dunford et al. 2006; Moen, Danell, and Holt 
2007; McMullin et al. 2011; Rosso et al. 2014; Greuel 
et al. 2021) and are the most common ground lichen 
species identified in the diet of woodland caribou 
(Thomas, Edmonds, and Brown 1996; Johnson, Parker, 
and Heard 2001; Thompson et al. 2015), other genera 

may be important locally, such as Thamnolina (Johnson, 
Parker, and Heard 2001), Flavocetraria (Johnson, 
Parker, and Heard 2001; Odland et al. 2014), Cetraria 
(Thomas, Edmonds, and Brown 1996; Johnson, Parker, 
and Heard 2001; Moen, Danell, and Holt 2007; Rosso 
et al. 2014), Stereocaulon (Johnson, Parker, and Heard 
2001), Peltigera (Thomas, Edmonds, and Brown 1996), 
Alectoria (Rosso et al. 2014), and Bryocaulon (Rosso 
et al. 2014). Additionally, of the four genera included 
in this study, reasonable models (marginal R2 > 0.77) 
were only able to be developed for three of them: 
Cladina, Flavocetraria, and Peltigera. The Cladonia 
model performed poorly, in comparison; this highlights 
problems with using a genus comprised of diverse 
growth forms. Even in the strict sense (Ahti 1984), 
Cladonia species range from the more branched, fruti-
cose species such as C. uncialis and C. amaurocraea to 
the simpler cupping forms of C. gracilis subsp. turbinata 
or C. sulphurina and, in some areas, simply consist of 
foliose basal squamules. Because of these limitations, 
various authors have simplified lichen biomass models 
to single species relationships (Dunford et al. 2006; 
Moen, Danell, and Holt 2007; McMullin et al. 2011) or 
used species groupings; for instance, including the fru-
ticose Cladonia uncialis with species of Cladina 
(Kumpula, Colpaert, and Nieminen 2000), considering 
Cladina stellaris separately from other fruticose species 
of Cladina/Cladonia (Rosso et al. 2014), or only pooling 
species with very similar growth forms such as 
C. rangiferina with C. stygia and Cladina mitis with 
C. arbuscula (Greuel et al. 2021). We recommend the 
use of models incorporating both cover and height, 
where data are available. However, use of genus-level 
models could be valuable if height data are not available 
or when there is particular interest in certain genera, 
such as Cladina species important for caribou forage 
(i.e., Thompson et al. 2015).

Although we were not able to directly compare mod-
els incorporating height with those containing genus, 
because we lacked genus-level height measurements, 
we consider height to be a better predictor than genus 
for several reasons. Firstly, there was less variability, in 
terms of AIC, among the suite of models incorporating 
both cover and height than was present for the set of 
models based on cover and genus. This indicates that 
there was less variation in lichen biomass remaining 
after both cover and height were included that was 
then able to be accounted for by environmental (regio-
nal or site type) variables. In contrast, when biomass was 
predicted using cover and genus, more variability was 
present that could be explained by these regional and 
site factors. Secondly, height is a continuous variable, 
and though prediction of biomass outside the range of 
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sampled heights could be a problem, this is much less 
likely to be an issue than that associated with poor 
representation or low sample size of less common gen-
era. It is likely that height is one of the major factors 
differentiating lichen genera and that there is some 
redundancy in these variables; however, it is also likely 
that other factors, such as differing growth structures 
and densities, would result in the addition of genus 
improving models that already incorporate height and 
cover. Unfortunately, a different sampling design would 
be required to develop a data set on which this could be 
tested.

Where height data and cover by genus information are 
lacking, cover alone may be used to predict lichen bio-
mass, particularly when stratified by plot type and where 
caribou grazing pressure is low. We believe the relation-
ships developed for peat plateaux and collapse scars may 
be applicable to these habitat types across a large area of 
continental western Canada, and perhaps beyond. We do 
recognize, however, that the upland forests in our study 
were predominantly low-productivity environments, 
commonly dominated by black spruce (Picea mariana; 
Errington, Bhatti, and Li 2020), and thus they do not fully 
represent the range of boreal and subarctic forest envir-
onments. Though we still expect that these cover–biomass 
relationships would provide a coarse estimate of lichen 
biomass in other forest environments, for more precise 
estimation we recommend the use of height data or devel-
opment of local or forest type–specific relationships. 
Incorporating regional-scale variables (i.e., ecoclimatic 
region or permafrost zone) offered negligible improve-
ments to the cover models, as well as those incorporating 
either genus or height, indicating that these relationships 
are likely to be robust across the boreal and subarctic 
forest regions and the associated range of permafrost 
zones. Similar results were found by Greuel et al. (2021), 
who determined that lichen biomass allometric relation-
ships (for pooled species) did not vary by ecoprovince in 
western Canada. These robust biomass relationships 
across climatic gradients indicate that climate conditions 
have minimal influence on the developed biomass rela-
tionships and imply that changing climate conditions are 
unlikely to strongly influence these relationships unless 
climate conditions shift dramatically outside the range in 
which they were developed. As such, our use of relation-
ships developed from 2007–2008 data can be reasonably 
expected to be reliable when used to predict biomass in 
2017–2018.

Lichen biomass on the landscape

Values of lichen biomass modeled in this study lie well 
within the ranges reported in the literature for forests, 

tundra, and peatlands. Although we could find no stu-
dies that specifically measured lichen biomass on peat 
plateau environments, the mean lichen biomass we 
recorded for peat plateaux (502 g m−2) was quite com-
parable to that found in southern Norway where lichen 
biomass ranged from 154 g m−2 to 802 g m−2 in various 
ungrazed tundra environments (Odland et al. 2014). 
Lichen biomass for peat plateaux was also comparable 
to the low end of the range for northwestern Alaska 
where Rosso et al. (2014) reported lichen biomass values 
ranging from 435 ± 88 g m−2 to 1,509 ± 113 g m−2 (mean 
± SE) for various tundra types having more than 80 per-
cent lichen cover. Mature, poorly drained spruce stands 
in the NWT and northern Saskatchewan, which likely 
incorporated a mix of peat pleataux along with low 
productivity upland forests, were found to have 
a comparable lichen biomass of 260 g m−2 (Greuel 
et al. 2021). The lichen biomass reported for peatlands 
of northeastern Alberta of 66 ± 6 g m−2 (mean ± SE; 
Dunford et al. 2006) was considerably lower than that 
found in our peat plateau environments and was com-
parable with upland forests of our study where we found 
a mean lichen biomass of 54 g m−2 (CI [31 to 94]).

The range of lichen biomass reported within forested 
environments is highly variable, with some of the high-
est values of lichen biomass reported from Scots pine 
(Pinus sylvestris)–lichen forests of northern Finland and 
Russia (790 ± 130 g m−2 [mean ± SE]; Väre, Ohtonen, 
and Mikkola 1996; Kumpula, Colpaert, and Nieminen 
2000) and mature jack pine (Pinus banksiana) and black 
spruce forests of Ontario (700 g m−2, 850 ± 66 g m−2 

[mean ± SD]; McMullin et al. 2011) and northern 
Quebec (801 ± 104 g m−2 [mean ± SE]; Arseneault 
et al. 1997). These values far exceed those we recorded 
for both upland forests and peat plateaux of the 
Mackenzie Valley. Given that we did not specifically 
select our sites to be high in lichen, as is commonly the 
bias for studies examining lichen biomass, it would not 
be surprising for our lichen biomass values to lie toward 
the lower end of expected biomass ranges. However, 
much lower levels of lichen biomass have also been 
reported in continental western Canada, with areas 
identified as feeding habitats for woodland caribou hav-
ing lichen biomass values ranging from approximately 
236 to 549 g m−2 (Miller 1976; Edmonds and Bloomfield 
1984) and random forest environments having lichen 
biomass values ranging from 87 to 99 g m−2 (Scotter 
1965; Edmonds and Bloomfield 1984). In Alaska, com-
parable values have also been reported within winter 
ranges of the migratory caribou herds, with values of 
301 and 105 g m−2 for sites used by caribou and a range 
of 26 to 87 g m−2 for random sites in the area (Joly, 
Chapin, and Klein 2010; Collins et al. 2011). These 
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western Canadian and Alaskan values are much more in 
line with our values for peat plateaux (caribou-selected 
sites) and upland forests (random forest sites). Given the 
overlap of our sampling sites with known caribou 
ranges, it is safe to assume that the lichen present within 
our study was periodically foraged by boreal woodland 
caribou, thus representing a realistic biomass within 
a natural ecosystem. Because boreal woodland caribou 
live in small, well-dispersed groups rather than large 
herds, we do not expect the substantial declines in lichen 
abundance that have been associated with high grazing 
pressures of reindeer and barren-ground caribou (Väre, 
Ohtonen, and Mikkola 1996; Joly, Jandt, and Klein 2009; 
Bernes et al. 2015; Sundqvist et al. 2019).

The large and significant differences of lichen bio-
mass between collapse scars, peat plateaux, and upland 
forests but general invariability among permafrost zones 
indicates consistency between regions for lichen bio-
mass based on topographic feature. Therefore, measure-
ments of lichen biomass per area from a peat plateau in 
the mid-boreal can be considered to provide reasonable 
estimates of lichen biomass for a peat plateau in the high 
subarctic. However, additional caution should be 
applied to extrapolation of upland forest values, because 
most of the upland forest sites sampled in this study 
were mature, low-productivity black spruce forests 
(Errington, Bhatti, and Li 2020); thus, these results do 
not necessarily apply to a wider range of forest types and 
stand ages.

Lichen biomass change over time

Our results suggest there was a decline in lichen biomass 
over a ten-year period, particularly in peat plateaux, 
where mean lichen biomass decreased from 502 g m−2 

to 427 g m−2. Though we expect warming climates to 
reduce lichen biomass on the landscape by accelerating 
the process of permafrost thaw and increasing the area 
of lichen-poor collapse scar features (Beilman and 
Robinson 2003; Camill 2005; Tarnocai 2009; Quinton, 
Hayashi, and Chasmer 2011; Baltzer et al. 2014; Gibson 
et al. 2021), the decline in lichen biomass we detected 
was not due to this dramatic transition from peat plateau 
to collapse scar. This observed decline in lichen biomass 
may indicate a gradual change across the landscape 
resulting from more subtle ecological processes, such 
as competition from vascular plant components that 
may have increased in response to factors such as war-
mer summer temperatures, deepening active layers, and 
increased nutrient cycling (e.g., Mekonnen et al. 2021). 
This is in accordance with several studies of sensitive 
tundra environments that have shown lichen abundance 
declining as vascular plant cover increases in association 

with warmer climate conditions (Cornelissen et al. 2001; 
Lang et al. 2012; Fraser et al. 2014). Though we plan to 
more fully explore this relationship between the vascular 
plant and lichen communities in separate publications, 
the three genera comprising 94 percent of the biomass in 
our clip plot data set (Cladina, Cladonia, and 
Flavocetraria) can be considered as stress tolerators 
(Grime 1977) thriving in high-light, surficially dry, 
nutritionally poor environments (Ahti and Oksanen 
1990; Crittenden 2000; Payette and Delwaide 2018) 
and can be expected to be outcompeted by a more 
dense forest canopy or by a more lush understory of 
vascular plants (Kershaw 1977; Crittenden 2000).

Two mechanisms appear immediately evident as 
potential causes of the abovementioned declines in 
lichen biomass over time: autogenic successional pro-
cesses as the stands age or allogenic processes resulting 
from warming climate conditions. Lichen cover and 
biomass have been seen to decline as stands age, with 
this decline generally associated with stands greater than 
130 to 150 years old (Maikawa and Kershaw 1976; 
Coxson and Marsh 2001), although Carroll and Bliss 
(1982) did detect this trend beginning at an age of 
90 years in lowland environments. However, this ten-
dency toward lichen decline is associated with closure of 
the tree canopy and in many regions, open canopy 
spruce–lichen stands have been seen to persist with 
high or increasing lichen cover for more than 
200 years following disturbance (Morneau and Payette 
1989; Zouaoui et al. 2014). Though our upland forest 
stands had a mean breast height age of 129 and might 
have been influenced by succession toward a closed 
canopy–feather moss system (Carroll and Bliss 1982; 
Coxson and Marsh 2001), we feel this is unlikely in the 
peat plateau environments that have a younger average 
age (92 years at breast height in the boreal regions) or 
very open canopy environments in the few older, sub-
arctic stands (Errington, Bhatti, and Li 2020). As such, 
we feel that the lichen biomass decline we observed is 
much more likely to reflect allogenic processes, particu-
larly in peat plateau environments. We, thus, interpret 
this decline to reflect processes similar to those seen in 
tundra areas where factors such as warmer air and soil 
temperatures (Cornelissen et al. 2001; Lang et al. 2012; 
Berner et al. 2020), increased growing season length, 
active layer depth, and increased soil microbial activity 
(Sturm et al. 2005) favor vascular plant growth.

This gradual decline of lichen biomass in peat pla-
teaux and upland forests must also be considered along-
side the rapidly deteriorating permafrost-affected 
peatland complexes in the southern NWT. Recent map-
ping by Gibson et al. (2021) indicated that 50 percent to 
60 percent (median) of these peatland complexes in the 
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more southerly regions of the NWT had already thawed. 
Though this proportion is much lower (<20 percent) in 
the central Mackenzie Valley, substantial lichen biomass 
is being lost from the NWT landscape as the lichen-rich 
peat plateau environments transition to the lichen-poor 
collapse scar features. An increase in fire frequency and 
severity is likely to exacerbate this issue by accelerating 
the collapse of peat plateau permafrost (Gibson et al. 
2018) and, because lichen biomass is greatest in older 
stands (Greuel et al. 2021), a transition to forests with 
a younger age class structure and fewer peat plateau 
environments will result in a landscape with lower 
lichen biomass.

Summary and conclusions

In conclusion, this study addresses a fundamental need for 
the estimation of lichen biomass in boreal and subarctic 
forests and peatlands, critical habitats of the boreal wood-
land caribou. We successfully developed a series of models 
for the prediction of lichen biomass from the simple, and 
easily collected, data of percent cover and height of the 
ground lichen layer. To enable widespread prediction of 
lichen biomass using preexisting data sets that may not 
have been originally collected for the purposes of lichen 
biomass estimation, we also developed models that did not 
require measurements of lichen height. These reduced 
relationships allow for the estimation of lichen biomass 
from data sets with only genus-level cover data or simply 
total lichen cover. Relationships varied only slightly accord-
ing to topographical or climatic gradients, particularly 
when both cover and depth were included, indicating 
a widespread utility of these basic models.

Greatest lichen biomass was found in peat plateau envir-
onments, where values were generally lower than those 
recorded for lichen-dominated arctic tundra environments 
but were comparable to sites identified as feeding habitats 
for boreal woodland caribou in continental western 
Canada. Although we cannot claim to have sampled all 
upland forest types found in the region, even in the more 
northerly forest sites, where tree canopies are more open 
(Errington, Bhatti, and Li 2020), lichen biomass was sub-
stantially less than that found in peat plateaux.

Declines in lichen biomass that were detected in the 
upland forest and peat plateau environments indicate 
that even over a period of ten years, gradual environ-
mental changes may have a negative effect on lichen 
biomass, likely via climate warming-induced shifts in 
the plant community. On a landscape level, this gradual 
decline is compounded by a more dramatic loss in lichen 
biomass as permafrost thaw, and subsequent collapse, 
shifts the lichen-rich peat plateau communities to 
lichen-poor collapse scar environments. Given the 

possibility of lagged responses to warming climate con-
ditions (Camill and Clark 2000; Vanderwel and Purves 
2014), observed changes could become more pro-
nounced as ecosystems continue to equilibrate to the 
new reality of a warmer climate. Future work will inves-
tigate more detailed mechanisms of this biomass decline 
and its relationship to the vascular plant and bryophyte 
communities.
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